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bstract

This article reviews the technical applicability and the treatment performance of various advanced oxidation technologies (AOTs) for landfill
eachate. A particular focus is given to ozonation, homogeneous systems without irradiation (Fe2+/H2O2, O3/H2O2) and homogeneous systems
ith irradiation (UV/O3, UV/H2O2, UV/O3/H2O2, photo-Fenton oxidation). Their advantages and limitations in application are evaluated. The

ormation of •OH radicals in enhancing oxidation reactions is also elaborated. Selected information such as the pH, the dose of oxidants required,
he characteristics of leachate in terms of COD and NH3-N concentration and treatment performance is presented. It is evident from a review
f 167 papers (1976–2005) that none of the individual AOTs is universally applicable or highly effective for leachate treatment. Among the
ndividual AOTs reviewed, ozonation and/or Fenton oxidation are the most frequently studied and widely applied for leachate treatment. Both
reatments are effective for 40–89% of COD removal with its concentrations ranging from 560 to 8894 mg/L. By combining the Fenton oxidation
nd coagulation–flocculation process, about 69–90% of COD removal with its concentrations ranging from 417 to 7400 mg/L was achieved. An

lmost complete COD removal (98%) was attained by combining the activated sludge (AS) and the Fenton oxidation (COD: 7000 mg/L) and/or
he AS and wet air oxidation (WAO) (COD: 4140 mg/L). In general, the selection of the most suitable AOT for leachate treatment depends on the
eachate characteristics, technical applicability and potential constraints, effluent discharge standard, cost-effectiveness, regulatory requirements
nd long-term environmental impacts.

2006 Elsevier B.V. All rights reserved.
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. Introduction

Landfill is one of the most widely employed methods of
isposing of municipal solid waste (MSW) [1]. More than
50,000 landfills have been built worldwide with over 55,000
ites located in the USA [2]. In the USA, about 57% of the 218
illion tonnes of the MSW generated in 2000 was disposed of

n landfills [3]; while in China, over 80% of the 160 million
onnes of the MSW generated in the same year was buried in
68 landfills [4].

After being landfilled, the solid waste decomposes through a
eries of combined physico-chemical and biological processes.
ith naturally present bacteria, the decomposition of the MSW
ccurs in four major stages: (a) an initial aerobic phase; (b) an
naerobic acid phase; (c) an initial methanogenic phase; (d) a
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table methanogenic phase [5]. Due to the limited amount of
xygen present in the landfill, aerobic decomposition process
redominates for the first few weeks only [6]. As soon as the
xygen is depleted by microbes, anaerobic conditions occur in
he leachate and dominate until all the remaining organics of the
aste have been decomposed [7].
During the decomposition process, highly contaminated

astewater called “leachate” is generated by rainwater percolat-
ng through the waste layer in the landfill [8]. The main sources
f percolating water are precipitation, irrigation and run off that
ause infiltration through the groundwater [9]. Depending on
he rainfall conditions, the color of leachate varies from black
o brown. A brownish color in the leachate is generated by dis-
olved organic materials such as humic substances [10].

With the increasing age of a landfill, the characteristics of the

eachate vary from one landfill site to another [11]. Some factors
ffecting the composition of the leachate include the type and
he composition of the MSW, the stage of the MSW decomposi-
ion, the age of the landfill, climate, seasonal variations [12], the
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Table 1
Comparison of young and stabilized leachate [35–39]

Parameters Young leachate Stabilized leachate

Age Less than 5 years Older than 10 years
Composition Low molecular weight

compounds such as volatile
fatty acids (acetic acid,
propionic acid and butyric
acid)

High molecular weight
compounds such as humic
acid and fulvic acid

pH 4 7–9
NH3-N (mg/L) 500–2000 3000–5000
BOD (mg/L) 4000–13,000 <2000
COD (mg/L) 30,000–60,000 5000–20,000
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egree of the MSW stabilization [13], hydrology and geology
ites, landfill design and operation, conditions within the landfill
uch as its pH and moisture content [14].

As water interacts with the refuse while seeping through a
andfill, it becomes contaminated with waste components con-
aining various organic and inorganic pollutants in dissolved or
uspended forms [15]. Of the pollutants present in the leachate
uch as adsorptive organic halogen (AOX) [16], heavy met-
ls [17], chlorinated organic [18] and xenobiotic compounds
uch as benzene, toluene and xylenes [19], ammoniacal nitro-
en (NH3-N) has been identified not only as a major long-term
ollutant [20], but also as the primary cause of acute toxic-
ty [21]. With a concentration of higher than 100 mg/L [22],
H3-N is highly toxic to aquatic organisms, as confirmed by

oxicity tests using zebrafish (Danio rerio) [23], freshwater fish
Sarotherodon mossambicus) [24], Daphnia magna [25] and
uminescent bacteria [26].

In a study of 43 Finnish landfills conducted by Assmuth and
trandberg [27], the NH3-N concentration tended to increase
500–1500 mg/L) even 30 years after the landfill closure. If
llowed to migrate, NH3-N that seeps from a landfill can infil-
rate and contaminate the groundwater. Once the leachate enters
he groundwater, it is difficult and expensive to control and clean
t up, posing potentially serious threats not only to aquatic organ-
sms, but also to public health in the long-term. In most cases, it
s extremely difficult to restore the polluted groundwater to its
ormer state. Therefore, the risk of groundwater pollution due
o leachate seepage has become a major environmental concern
orldwide in recent years.
A sound engineering design of a landfill can prevent or min-

mize the leakage of leachate from reaching the groundwater
able. Measures include diverting the surface run off from the
ite, proper soil cover, proper vegetation and a proper means
or leachate interception and collection systems such as syn-
hetic/natural liners, piping and pumping the leachate to a treat-

ent facility [28,29]. However, most of these precautions can
nly be applied to newly designed landfills. Some old landfills
enerate huge quantities of leachate daily, which must be treated
rior to discharge.

To achieve a satisfactory removal of refractory pollutants
rom landfill leachate, several types of treatments have been
dopted. Due to its cost-effectiveness, biological process is
he most commonly employed method to remove the bulk of
rganic pollutants from landfill leachate [30]. This treatment
mploys microbes to break down the organic constituents of
he leachate. Biological process is effective for the treatment
f young leachate, which contains a high concentration of
olatile fatty acids (VFA) [31]. The high strength of VFA, which
ccounts for the bulk of chemical oxygen demand (COD) in the
oung leachate, results in a pH value as low as 4. This acidic
nvironment promotes an increasing concentration of heavy
etals in the leachate [32]. With a molecular weight of less than

20 Da, VFA compounds such as acetic acid, propionic acid

nd butyric acid are biodegradable organic matter [33]. Young
eachate is commonly characterized by a high biochemical oxy-
en demand (BOD) (4000–13,000 mg/L), high concentrations
f COD (30,000–60,000 mg/L), a moderately high strength of

t
i

A

BOD5/COD 0.4–0.7 <0.1
COD/TOC Higher than 2.8 <2.0

H3-N (500–2000 mg/L) and a high ratio of BOD/COD ranging
rom 0.4 to 0.7 [34–39] (Table 1).

With the increasing age of a landfill, methane-forming bac-
eria degrade the VFA compounds, thus decreasing the organic
trength in the leachate [40]. As a result, the pH rises to higher
han 7 and some organic materials in the leachate are no longer
eadily degradable [41]. Due to the increasing population of
ethanogenic bacteria during the long methanogenic phase [42],

he anaerobic decomposition process becomes dominant over
period of 20–50 years [43], resulting in the generation of a
ore stable leachate, which is commonly characterized by a

igh strength of NH3-N (3000–5000 mg/L), a moderately high
trength of COD (5000–20,000 mg/L) and a low BOD/COD
atio of less than 0.1 (Table 1). Typically, most of the organic
aterials present in the stabilized leachate have a high molecular
eight and are refractory compounds such as humic substances

nd fulvic-like fractions, which are not easily degradable [44].
any of these compounds such as 4-chlorophenol and benzyl

uccinic acid are on the US EPA list of priority pollutants [45]. As
result, stabilized leachate cannot be effectively treated either by
sing biological processes such as activated sludge (AS), anaer-
bic filtration and anaerobic lagoons [46] or by natural systems
uch as leachate recirculation [47] or constructed wetland [48].
oreover, biological treatment is prone to toxic compounds that

nactivate waste-degrading microbes, thus inhibiting biomass
ctivity in the biological process [49].

Due to its ability to enhance the biodegradability of the
ecalcitrant compounds in the leachate, advanced oxidation tech-
ology (AOT) is considered as one of the most promising options
or leachate treatment. Over the past three decades (1976–2005),
n increasingly scholarly interest has been shown in the appli-
ation of AOT such as ozonation and Fenton oxidation to trans-
orm toxic pollutants into less toxic molecules [50]. Such a
henomenon is evident from the increasing number of publi-
ations during the period between 1995 and 2000 [51]. In the
arly 1980s, there were less than 50 AOT-related articles pub-
ished annually. By the turn of the 21st century, the number in
he Chemical Abstract Database (1975–2000), however, signif-

cantly rose to over 5000 articles [52].

Although numerous studies of the technical applicability of
OT for leachate treatment have been undertaken worldwide in
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ecent years, few attempts have been made to obtain a compre-
ensive overview on AOTs in terms of the optimum conditions
equired to achieve the maximum removal of recalcitrant com-
ounds (as indicated by a decreasing COD value) and/or NH3-N
rom the landfill leachate.

This article presents an overview with critical analysis of
he technical applicability and the treatment performance of all
OTs such as ozonation, homogeneous systems without irradi-
tion (Fe2+/H2O2, O3/H2O2), homogeneous systems with irra-
iation (UV/O3, UV/H2O2, UV/O3/H2O2, photo-Fenton oxida-
ion) and heterogeneous system with irradiation (UV/TiO2) for
andfill leachate. Their advantages and limitations in applica-
ion are compared. The formation of •OH radicals in enhancing
xidation reactions is elaborated. To evaluate their removal per-
ormances for organic compounds and NH3-N, selected infor-
ation on the pH, the dose of oxidants required, the strength of
astewater in terms of COD and NH3-N concentration, as well

s their treatment efficiency is presented.

. Various AOTs for degradation of recalcitrant
ompounds from landfill leachate

Among the various types of physico-chemical treatments,
OT has been reported as one of the most powerful methods

o degrade a variety of refractory compounds from stabilized
eachate [52]. This can be attributed to the role of a highly reac-
ive radical intermediate such as hydroxyl free radical (•OH)
s an oxidant. The radicals can be produced using UV/O3,
V/H2O2, O3/H2O2, UV/TiO2, or Fe2+/H2O2 [53].
With an oxidation potential (Eo) of 2.80 V (Table 2), the

OH radical can rapidly degrade recalcitrant organics such as
romatic, chlorinated and phenolic compounds [54]. Once a
eaction of the free radical is initiated by the ozone or H2O2,
series of oxidation reactions occurs in the solution and the

adicals rapidly react with most of the target compounds. The
inetic rate of AOT depends on the concentration of radical and
ollutant, temperature as well as the presence of scavengers such
s bicarbonate ion [55]. During the treatment, the organic com-
ounds in the leachate are oxidized by the free radicals and then
ineralized to CO2 and H2O or transformed to less harmful
ompounds, which can be subsequently removed using a bio-
ogical process.

Various AOTs that are commonly employed for leachate
reatment are presented as follows:

able 2
xidizing potential of some oxidizing agents [54]

ype of oxidizing agent Oxidation potential (Eo) (V)

luorine 3.06
ydroxyl radical 2.80
xygen (atomic) 2.42
zone 2.08
ydrogen peroxide 1.78
ypochlorite 1.49
hlorine 1.36
hlorine dioxide 1.27
xygen (molecular) 1.23

o
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.1. Ozonation

Apart from Fenton oxidation, ozonation is one of the most
requently studied and widely applied methods for leachate treat-
ent as a polishing step after a biological process [56]. As one

f the most powerful oxidants with an oxidation potential (Eo)
f 2.07 V (Table 2), ozonation alone can transform recalcitrant
rganic compounds in the leachate into lower molecular weight
ompounds within a short period, thus avoiding a deposit of
oxic residue as special waste [57].

Once dissolved in water, the ozone reacts with a great num-
er of non-biodegradable compounds. In this case, the nature of
he compounds present in the leachate will determine the degree
f reactivity with ozone and the efficiency of ozonation. Com-
ounds with specific functional groups such as aromatic ring and

C bonds are prone to ozone attack, which results in carbonyl
ompounds [58]. With organic compounds that have aromatic
ings, O3 is known to rupture the ring, yielding aliphatic acids
18].

Depending on the pH, which plays major roles in the ozone
ecomposition, ozone oxidation follows the two main pathways:
ither a direct electrophilic attack of the ozone molecule to the
ecalcitrant pollutants or a generation of •OH radicals due to
he ozone decomposition process and followed by a subsequent
ttack of the radicals on the pollutants [59].

At an acidic pH range, ozone undergoes selective elec-
rophilic attack on the specific part of the organic compounds
hat have C C bonds and/or aromatic rings [60] and decomposes
hem into carboxylic acid and aldehydes as the end products [61].
owever, when exposed to a pH ranging from 8 to 9 (Table 3),

n the presence of OH− ions, the ozone rapidly decomposes into
he more reactive •OH radicals [54], which have an oxidation
otential of 2.80 V, as shown in Eq. (1):

3 + H2O → O2 + 2•OH (1)

In an alkaline environment, many organic compounds that
re slow to oxidize with the ozone can rapidly oxidize with the
OH radicals, which rapidly attack most of the target molecules
ith a kinetic rate ranging from 106 to 109 M−1 s−1 [62]. The

OH radical is a highly reactive species, which can oxidize the
rganic compounds to a complete mineralization with carbon-
tes as the end products. Such a phenomenon indicates that an
lkaline environment is the key parameter in any AOT-based
zonation [63].

In basic conditions, both OH− and •OH act as the catalysts for
he ozone decomposition process into intermediate compounds
hat are also highly reactive such as superoxide ions (O2

−) and
O2

• radical, as shown in the following mechanisms [64]:

Initial reactions:

O3 + OH− → •O2
− + HO2

•, k1 = 70 M−1 s−1 (2)
Propagation:

O3 + •O2
− → •O3

− + O2, k2 = 1.6 × 109 M−1 s−1 (3)

At pH < 8, •O3
− + H+ ↔ HO3

•, pKa = 6.2 (4)
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Table 3
Ozonation for treatment of hazardous leachate

Location of landfill Ozone dose
(g/L)

Ozone consumption
(mg O3/mg COD)

Initial concentration in
leachate (mg/L)

BOD/COD pH Removal efficiency
(%)

References

COD NH3-N COD NH3-N

Roche-la-Moliere (France) 0.8 1.6 1400 NA 0.05 8.3 80 NA [57]
Braunschweig (Germany) 2.5 3.0 1200 5 0.01 7 80 NA [59]
Mustankorkea (Finland) 0.09 0.5 920 220 0.4 NA 80 NA [67]
Finland 5.0 0.5 560 NA 0.30 10.0 40 NA [100]
Gramacho (Brazil) 3.0 NA 3945 800 0.3 4.5 48 NA [23]
Clover Bar (Canada) 3.6 NA 1090 455 0.04 8.3 70 67 [71]
K
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K
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omurcuoda (Turkey) 2.8 NA 5850

A: unavailable.

At pH 8, HO3
• → •OH + O2, k3 = 1.1 × 108 M−1 s−1

(5)

•OH + O3 → HO2
• + O2 → HO4

•,

k4 = 2.0 × 109 M−1 s−1 (6)

HO4
• → HO2

• + O2, k5 = 2.8 × 104 s−1 (7)

HO2
• ↔ •O2

− + H+, pKa = 4.8 (8)

Termination:

HO4
• + HO4

• → H2O2 + 2O3 (9)

HO4
• + HO3

• → H2O2 + O3 + O2 (10)
However, oxidation through the formation of •OH radical is
imited by the presence of ozone-resistant compounds or •OH
adical scavengers [65]. If pH is higher than 9, bicarbonate ions
re converted to carbonate ions, which are the scavengers for

C
o
(
r

able 4
enton oxidation process for leachate treatment

ocation of landfill Oxidants Dose
(g/L)

H2O2/Fe(II)
mass ratio

Initial concentrati
leachate (mg/L)

COD NH3-N

elaware (USA) Fe(II)SO4 + 1.00 1.00 1000 NA
H2O2 1.00

andtown (USA) Fe(II)SO4 + 0.05 3.00 8894 NA
H2O2 0.15

andtown (USA) Fe(II)SO4 + 2.80 0.91 1000 NA
H2O2 2.55

impo (Korea) Fe(II)SO4 + 1.75 0.94 1500 1300
H2O2 1.65

honju (Korea) Fe(II)SO4 + 2.00 0.75 1900 NA
H2O2 1.50

taly Fe(II)SO4 + 0.83 12.05 10540 5210
H2O2 10.00

omurcuoda (Turkey) Fe(II)SO4 + 1.00 2.00 5850 1380
H2O2 2.00

A: unavailable.
1380 0.6 9 85 NA [87]

OH radicals that slow down the kinetic rate of the oxidation
eaction [66] (Eqs. (11)–(13)).

OH + P → end products (11)

here P represents the scavenger of hydroxyl radicals such as
CO3

− and CO3
2−. Some examples of the reactions are pre-

ented as follows:

(a) •OH + CO3
2− → OH− + CO3

•−,

k = 4.2 × 108 M−1 s−1 (12)

(b) •OH + HCO3
− → OH− + HCO3

•,

k = 1.5 × 107 M−1 s−1 (13)

In general, the treatment performance of ozonation is com-
arable to that of Fenton oxidation (Tables 3 and 4). With

OD concentrations ranging from 560 to 5850 mg/L, about 85%
f COD removal could be achieved by using ozonation alone
Table 3). In this case, a pH ranging from 8 to 9 is strongly
ecommended for ozonation, as in an alkaline environment, the

on in BOD/
COD

COD/
TOC

pH Removal efficiency
(%)

References

BOD COD NH3-N

NA NA 2.53 2–3 85 NA [75]

NA NA 1.93 2.5 89 NA [82]

NA NA 4.03 2.5 60 NA [83]

30 0.02 NA 2.5–4.0 75 NA [79]

280 0.15 NA 3 52 NA [86]

2300 0.22 2.70 3 60 NA [80]

28680 0.6 NA 3–4 85 NA [87]
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zone is decomposed into free radicals (•O2
− and HO2

•) and
ubsequently produces •OH, leading to an ultimate mineraliza-
ion of the compounds and thus enhancing the degradability
f the treated effluents prior to another subsequent treatment
67].

The application of ozone for leachate treatment has many
dvantages. In addition to organic contaminants, ozonation is
apable of removing color, taste and odor-producing organic
ompounds without the generation of odor [68]. Moreover,
zone can rapidly decay in water, thus avoiding any undesir-
ble residual effects [69]. Unlike chlorination, ozonation does
ot create any secondary pollutants in the environment such as
he chlorinated by-products, as the ozonation of organic matter
eads to the formation of a low molecular weight compound such
s acetic acid [70].

In spite of being a powerful oxidant, ozone reacts slowly
ith certain toxic compounds such as inactivated aromatics and
H3-N, causing an incomplete oxidation of the compounds [71].
nother limitation of using ozonation alone is a high energy

onsumption coupled with a short half-life period (15–25 min)
72]. Due to the high cost of ozone production, the application
f high ozone dosage may not be economically feasible. This
s attributed to the fact that the remaining organic compounds

ay become less and less reactive to ozone oxidation when the
zone dose for COD abatement increases [60].

Although various efforts have been devoted to improve the
zone transfer efficiency, the ozone consumption rate is low
Table 3), since some of the residing ozone in the exhaust gas
f the reactor is lost. For a high strength of leachate, ozona-
ion alone is not enough to meet the effluent limit of discharge
tandard unless a higher ozone dose is applied [72]. Therefore,
ther subsequent treatment using a biological process such as
ctivated sludge and nitrification is necessary to complement
he degradation of the leachate with a high strength of COD
73].

.2. Homogeneous systems without irradiation

.2.1. Fe2+/H2O2 (Fenton oxidation)
With an oxidation potential (Eo) of 1.80 V, H2O2 is theo-

etically effective as an oxidizing agent for leachate treatment.
owever, its effectiveness for the removal of organic pollutants
epends on an intermediate association to yield OH− and HO2

•−
adicals [74]. Due to its slow reaction rates with organics and
low self-decomposition rate, H2O2 alone is not effective to
egrade recalcitrant compounds present in a high strength of
tabilized leachate [75].

To overcome such problems, the oxidation of most recalci-
rant pollutant requires H2O2 to be activated with catalysts such
s Fe(II) salts. H2O2 acts as a reductant when reacting with a
trong oxidizing agent and generates free oxygen with decom-
osition by itself [76]. This system is based on the electron

ransfer between H2O2 and Fe2+ (Reactions (14)–(16)) that acts
s a homogenous catalyst to yield •OH radicals. The H2O2 cat-
lyzation by Fe(II), which induces its decomposition into •OH,
nhances its effectiveness for degradation [77]. Radicals pro-

C
r
t
t
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uced in this way degrade organic compounds, as shown in the
ollowing mechanisms [78]:

Initial reactions:

H2O2 + Fe2+ → Fe3+ + OH− + •OH, k1 = 70 M−1 s−1

(14)

H2O2 + Fe3+ → Fe(OOH)2+ + H+ ↔ Fe2+ + HO2
• + H+

(15)

OH− + Fe3+ → Fe(OH)2+ ↔ Fe2+ + •OH (16)

Propagation:

•OH + H2O2 → HO2
• + H2O, k2 = 3.3 × 107 M−1 s−1

(17)

HO2
• + H2O2 → •OH + H2O + O2 (18)

HO2
• + HO2

− → •OH + OH− + O2 (19)

Termination:

Fe2+ + •OH → Fe3+ + OH−, k2 = 3.2 × 108 M−1 s−1

(20)

HO2
• + Fe3+ → Fe2+ + H+ + O2 (21)

•OH + HO2
• → H2O + O2 (22)

•OH + •OH → H2O2 (23)

The Fenton process dissociates the oxidant, leading to •OH
ormation [79]. The radicals react with the organic compounds
hat abstract one electron from Fe(II) and results in Fe(III). The
ate of •OH formation is enhanced through the reaction of Fe(II)
ith H2O2. Since organic species are prone to auto-oxidation

77], when Fe(II) is added into the system, the initiation of the
hain reactions by •OH will lead to an effective degradation of
he organic pollutants, as indicated by a decreasing COD value.

When the recalcitrant compounds in the leachate are oxi-
ized by the Fenton reagents, the compounds undergo either
ne of these three processes: primary degradation, a structural
hange in the parent compound where its biodegradability may
e improved, or degradation to the extent that reduces toxicity,
n ultimate degradation to CO2 and H2O [80].

Like other AOTs, the Fenton oxidation process is also affected
y many factors such as the concentration of Fe(II) and H2O2,
he ratio of organic materials to the Fenton reagents, the pH, reac-
ion by-products and temperature [81]. Zhang et al. [82] reported
hat when the temperature increased from 13 to 37 ◦C, the COD
emoval slightly improved from 90 to 94% with its initial con-
entration of 1000 mg/L. In a separate study [83], at the same

OD concentration of 1000 mg/L, they also found that COD

emoval increased from 42 to 56% at the same range of tempera-
ure. This indicated that higher temperature conditions improved
he degradation rate of organic pollutants in the leachate [84].
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−. Some examples of the reactions are pre-
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uch a phenomenon might be attributed to the fact that a higher
emperature could accelerate the reaction between H2O2 and
e2+, thus increasing the generation rate of oxidizing species
uch as •OH radical [85].

Although the degree of organic degradation improves with an
ncreasing dose of H2O2, care needs to be taken when selecting
he optimum dose, since the presence of H2O2 is harmful to
iving organisms. In addition, the presence of H2O2 in a large
uantity can act as a scavenger for the formed •OH radicals, thus
educing the kinetic rate of the Fenton oxidation [86].

Although a higher concentration of Fe(II) accelerates the
inetic rate of the Fenton oxidation reaction, since the Reactions
14)–(16) are a chain process, only a small amount of Fe(II) is
equired to catalyze the process of H2O2 decomposition. A mass
olar ratio of 2.0–3.0 for H2O2/Fe(II) has been found to be ideal

o achieve a rapid oxidation and an effective degradation of the
ecalcitrant compounds in the leachate [82,87]. Calli et al. [87]
lso found that a maximum oxidation efficiency (85% of COD
emoval with an initial COD concentration of 5850 mg/L) was
ttained when neither H2O2 nor Fe(II) was overdosed so that
he maximum amount of •OH radicals was available not only
or oxidizing the organic compounds, but also for minimizing
he scavenging effects in the solutions.

In addition to Fe(II) ions, the presence of H+ is required for
he H2O2 decomposition process [88]. This indicates the need
or an acidic environment to generate a maximum amount of
OH. Since it affects the activity of the oxidant and the substrate,
he speciation of iron and H2O2 decomposition [89], pH is the
ey parameter to optimize the treatment efficiency of Fenton
xidation. When the operating pH is low, the addition of H2O2
an increase the oxidation efficiency of the Fenton reaction. A
H range from 2.5 to 3 is optimum for the Fenton oxidation
rocess [82,87] (Table 4). When the pH is higher than 4, the
inetic rate of the H2O2 decomposition decreases due to the
ormation of Fe(II) complexes with the buffer, inhibiting the
ormation of •OH radicals [88]. The Fenton reaction slows down
ue to the precipitation of ferric oxyhydroxides, which inhibits
he regeneration of Fe(II) ions [90,91]. On the other hand, at a
H lower than 3.0, the formation of Fe(OOH)2+ occurs, which
eacts slowly with H2O2, thus producing fewer •OH radicals
92].

In general, the key features of the Fenton system lay on the
eagent conditions and the reaction characteristics such as pH,
emperature and the amount of constituents in the solution [74].
he ideal conditions for Fenton oxidation is pH 2.5–3 and a per-
xide to catalyst ratio of 2:1 (w/w). With 89% of COD removal,
enton oxidation has been found to be satisfactory for leachate

reatment with a high strength of COD ranging from 1 to 9 g/L
Table 4). Fenton oxidation is not only able to achieve a complete
egradation of the recalcitrant pollutants, but it is also able to
onvert toxic materials to less harmful compounds, thus reduc-
ng the toxicity and enhancing the biodegradation of the leachate.
n addition, due to its homogeneous catalytic nature, the Fenton

rocess is simple and no form of energy is involved as a catalyst,
hus reducing energy consumption [80].

In spite of its advantages, some major drawbacks of the Fen-
on process are its high operational costs due to the chemicals

s
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equired and the sludge disposal cost [93]. Since the Fenton
eagent, especially H2O2, is very aggressive, corrosion can be

potentially serious problem [83]. In addition, the homoge-
eous catalyst added as Fe(II) salts cannot be retained during
he degradation, because the oxidation process produces sludge
hat contains iron hydroxide as a precipitated by-product, thus
equiring further disposal of the sludge. In this case, the cost of
ludge disposal has to be taken into consideration when eval-
ating the cost-effectiveness of the process. Another limitation
s that a continuous supply of feeding chemicals is required to
revent stagnation in the Fenton process [94].

.2.2. O3/H2O2

The capability of ozone in oxidizing organic pollutants by
sing direct electrophilic attack on double bonds such as C C or
romatic rings may be enhanced in the presence of H2O2 through
he generation of •OH. Like other AOTs, ozone decomposition
n this process is controlled by radical-type chain reactions, as
hown in the following mechanisms [95]:

Initial reaction:

H2O2 ↔ H+ + HO2
− −pKa = 11.8 (24)

O3 + HO2
− → O2 + O2

−• + •OH,

k2 = 2.8 × 106 M−1 s−1 (25)

O3 + O2
−• → O3

−• + O2, k3 = 1.6 × 109 M−1 s−1

(26)

Propagation:

O3
−• + H+ → HO3

•, k4 = 5.2 × 1010 M−1 s−1 (27)

HO3
• → O2 + •OH, k5 = 1.1 × 106 M−1 s−1 (28)

•OH + O3 → HO2
• + O2, k6 = 2.0 × 109 M−1 s−1

(29)

•OH + H2O2 → H2O + HO2
•, k7 = 2.7 × 107 M−1 s−1

(30)

•OH + HO2
− → OH− + HO2

•, k8 = 7.5 × 109 M−1 s−1

(31)

Termination:

•OH + P → end products, k9 = 1.6 × 109 M−1 s−1 (32)

here P represents the scavenger of hydroxyl radicals such as
ented as follows:

(a) •OH + HCO3
− → OH− + HCO3

•,

k11 = 8.5 × 106 M−1 s−1 (33)
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Table 5
Homogenous system without irradiation for treatment of stabilized leachate

Location of
landfill

Type of
treatment

Dose
(g/L)

Energy
(kW/m3)

Reaction
time (min)

O3 consumption
(mg O3/mg COD)

Initial concentration in
leachate (mg/L)

BOD/
COD

pH Removal
efficiency (%)

References

COD NH3-N BOD COD NH3-N

Finland O3 + 5.0 NA NA NA 560 NA 34 0.13 3.0 50 NA [100]
H2O2 15.0

Flanders O3 + 0.90 15 NA 2.7 1090 455 NA 0.14 3–4 28 NA [102]
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(Belgium)
H2O2 0.25

A: unavailable.

(b) CO3
−• + H2O2 → HCO3

− + HO2
•,

k12 = 4.3 × 105 M−1 s−1 (34)

The most important factor that plays a major role in the
3/H2O2 treatment is the operating pH. Different from the
enton oxidation process where H2O2 reacts immediately with
e(II) at acidic conditions, in the O3/H2O2 treatment, however,
2O2 reacts very slowly with the ozone under the same con-
itions [93], resulting in a low COD removal from leachate
Table 5). While at a pH higher than 7.0, H2O2 dissociates into
O2

− as its conjugate base [96]. In basic conditions, both OH−
nd HO2

− initiate the ozone decomposition more rapidly and
ore effectively into •OH radicals than the OH− alone [97].
herefore, to enhance the effectiveness of the O3/H2O2 per-

ormance for leachate treatment, the pH should vary, ranging
rom 8 to 9. This is in agreement with Nelieu et al. [98], who
eported that the basic conditions are preferable for O3/H2O2
o degrade organic compounds. Such a phenomenon indicates
hat •OH radical is also the major pathway in the O3/H2O2 pro-
ess.

Theoretically, the addition of H2O2 before the ozonation of
he leachate should accelerate the ozone decomposition and sub-
equently enhance the production of •OH radicals, as shown in
he following reaction:

O3 + H2O2 → 2•OH + 3O2 (35)

ccording to the stoichiometric concepts, the two molecules of
he ozone in the Reaction (35) are eliminated by each peroxide

olecule, thus giving two •OH radicals. These situations should
e sufficient for the radicals to degrade the organic compounds
n the leachate [99]. However, Haapea et al. [100] found that
he treatment performance of the O3/H2O2 alone for organic
ompounds was low (Table 5). With an initial COD concentra-
ion of 560 mg/L, they found that only 50% of COD removal
as attained. This might be due to the fact that H2O2 acted not
nly as an •OH generator, but also as •OH scavenger during the
xidation process, as shown in the following reactions:

2O2 + •OH → H2O + HO2
• (36)
O2
− + •OH → OH− + HO2

• (37)

he presence of a high concentration of radical scavengers in
he solution in the basic conditions can slow down the reaction

f

X

I

ate, as they interrupt the chain reactions (Reactions (33) and
34)) [101].

In another study, Geenens et al. [102] reported that 28% of
OD removal with an initial COD concentration of 1090 mg/L
as achieved using this treatment. This result was slightly
igher than that of the photo-assisted Fenton process, which
ttained 20% of COD removal at an initial COD concentration
f 895 mg/L (Tables 5 and 6). Although the increasing dose of
2O2 did not significantly improve the COD removal, it is found

o improve the biodegradability of the leachate, as indicated by
he increase of BOD5/COD ratio from 0.04 to 0.14.

In general, as compared to the Fenton process, the O3/H2O2
rocess is less intensively investigated. For O3/H2O2, COD
emoval can be as high as 50% with COD concentrations rang-
ng from 560 to 1090 mg/L, and the mass ratio of H2O2 to O3
s 3 (Table 5). Theoretically, the stoichiometric mass ratio of

2O2 to O3 should be 0.354. Low COD removal efficiency may
e caused by an improper H2O2 to O3 ratio [103]. It is therefore
ecommended that pH ranging from 8 to 9 be employed for the

3/H2O2 process, since under an alkaline environment, ozone
apidly decomposes into some intermediate compounds such as
O2

− and HO2
•, that are also reactive to subsequently produce

OH radicals.
After oxidation, O3 and/or H2O2 residue may be left in the

eachate. The presence of such residue may hinder the biolog-
cal process in another subsequent treatment [101]. Therefore,
t must be removed by the aeration of the ozonated leachate for
5 min before subsequent treatments. Due to its low cost, aer-
tion may be a better method than the application of inert gas
uch as He.

.3. Homogeneous system with irradiation

In recent years, photochemical technology such as UV irradi-
tion has received considerable attention for leachate treatment
104,105]. UV irradiation is employed to initiate the production
f •OH radical either through a direct photolysis of H2O2 or
hrough photo-induced processes like that in the photo-Fenton
eaction [106]. Direct photolysis involves the interaction of light
ith target molecules to dissociate them into fragments with the
ollowing mechanism pathways:

+ hν → intermediates (38)

ntermediates + hν → CO2 + H2O (39)
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Table 6
Homogenous system with irradiation for degradation of recalcitrant compounds

Location of landfill Type of
treatment

Dose
(g/L)

Energy
(kW/m3)

Reaction
time (min)

H2O2 consumption
(mg H2O2/mg COD)

UV wavelength
(nm)

Initial concentration in
leachate (mg/L)

BOD/COD pH Removal
efficiency (%)

References

COD NH3-N COD NH3-N

NA Fe(II)SO4 + 0.056 80 120 2.13 1150 NA 0.004 3 70 NA [120]
H2O2 + 0.034
UV 300

Flanders (Belgium) Fe(II)SO4 + 0.56 15 NA NA 254 895 626 0.09 3–4 20 NA [102]
H2O2 + 0.25
UV

Curitiba (Brazil) Fe(II)SO4 + 0.01 NA 60 NA 5200 NA 0.37 3–4 58 NA
H2O2 + 2.00 [38]
UV 400

Curitiba (Brazil) H2O2 + 3.00 NA 60 NA 5200 NA 0.42 3–4 56 NA
UV 400

Braunschweig
(Germany)

H2O2 + 0.50 2 × 105 NA 2.10 254 1200 5 0.01 3–4 90 NA [59]
UV

Shalu (Taiwan) H2O2 + 7.91 NA 300 NA 3750 NA NA NA 65 NA [114]
UV 254

Stutgart (Germany) H2O2 + 2.10 675 480 NA 1280 NA 0.08 2 59 NA [109]
UV 254

O3 + 3.00 NA 480 NA 1280 NA 0.08 2 54 NA
UV 254

O3 + 3.00 1100 480 NA 1280 NA 0.08 2 89 NA
H2O2 + 2.10
UV 254

Clover Bar (Canada) O3 + 2.60 NA NA NA 1090 455 0.04 NA 72 78 [71]
H2O2 + 0.63
UV 254

NA: unavailable.
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If UV is applied, some oxidizing agents such as ozonation
nd/or H2O2 can form a homogenous AOT system with irradia-
ion such as UV/O3, UV/H2O2 and UV/O3/H2O2. Each of these
rocesses is elaborated as follows:

.3.1. UV/O3 (photolytic ozonation)
Since ozonation alone cannot transform recalcitrant com-

ounds into CO2 and H2O, some remaining intermediate prod-
cts in the leachate may be as toxic as the initial compounds
107]. To complete the ozone oxidation of the organic com-
ounds, UV irradiation can be employed.

In the UV/O3 process, UV irradiation not only activates the
zone molecules by absorbing the UV light at 254 nm, but also
akes other organic molecules susceptible to the oxidation pro-

ess [108]. The initial step of the radical mechanism in this
rocess is the direct photolysis of the ozone to produce •OH, as
hown in the following reactions [109]:

The reactions involved are very complex in the AOT, since the
rganic compounds can be degraded either by direct ozonation,
hotolysis reactions or •OH oxidation [109].

During oxidation, the ozone catalyzed by UV oxidizes
rganic substances and breaks down the saturated bonds of
he contaminants. In basic conditions, UV/O3 is reported to be

ore reactive than UV/H2O2 for two reasons: (a) the remark-
bly higher light-absorbing potential of the ozone is in the UV
and (2850 and 19 M−1 cm−1) at 254 nm; (b) the diversity of
he chain reactions that involves the reactive •OH radicals and
he intermediate products [110]. The radicals then participate in
he numerous steps of oxidative reaction, leading to an ultimate
xidation of the organics. For this reason, UV/O3 technique is
ore effective than either UV photolysis or ozonation alone for

eachate treatment.
Among the various AOTs surveyed in this paper, UV/O3 is

ess intensively investigated for leachate treatment due to its high
perational cost. To optimize the UV/O3 process, the operating
H should be adjusted to alkaline conditions (pH 8–9). Ince
109] suggested that UV/ozone treatment should not be con-
ucted in acidic conditions. With an initial COD concentration
f 1280 mg/L, only 54% of COD removal was attained at pH
.0 (Table 6).

Compared to UV/H2O2 process, there are also some limita-
ions of the UV/O3 process. First, O3 is an unstable gas that must
e generated and used on-site immediately. Second, an ozone-
ater contacting device to transfer the gaseous ozone into the

iquid phase has to be available. Third, this process requires spe-
ial technical expertise to enable ozone transfer into the liquid
s effectively as possible, as UV can play a major role in the
rocess if both the background of the absorbance and the par-

icle concentration of the leachate are low. Fourth, foaming in
he leachate due to the ozone bubble blocks the UV transmit-
ance/penetration inside the leachate, resulting in a low COD
emoval by the UV/O3 process [111].

o
o
6
s
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In spite of these limitations, a major advantage of using the
V/O3 process is that after oxidation, no trihalomethane (THM)

ompounds can be found in the treated effluent [112]. Unlike the
V/H2O2 process, all oxidants can be degraded in the UV/O3
rocess and the system does not require any waste disposal, as
he contaminants in the leachate have already been destroyed.

.3.2. UV/H2O2

When compared to the ozone with an oxidation potential (Eo)
f +2.08 V, the oxidizing strength of H2O2 is slightly weaker
ith an oxidation potential (Eo) of +1.78 V [54]. However, in the
V/H2O2 process, the addition of UV irradiation enhances the

trength of the H2O2 oxidation on organic compounds through
he formed •OH radicals [112]. First, many organic contami-
ants that absorb the UV light undergo transformation in their
olecular structure to be more reactive with the oxidants. Sec-

nd, UV irradiation catalyzes the breakdown of H2O2 into two
OH radicals. The radicals are formed by the hemolytic splitting
f the O O bonds of H2O2 by the UV light [113], as seen in the
ollowing mechanisms:

Initial reactions:

H2O2 + UV → 2•OH (43)

H2O2 → H2O + 1/2O2 (44)

Propagation:

•OH + H2O2 → HO2
• + H2O, k2 = 2.7 × 107 M−1 s−1

(45)

HO2
• + H2O2 → •OH + H2O + O2, k2 = 0.5 M−1 s−1

(46)

HO2
• + HO2

− → •OH + OH− + O2 (47)

Termination:

•OH + HO2
• → H2O + O2, k2 = 1010 M−1 s−1 (48)

•OH + •OH → H2O2 (49)

Since the first introduction of the UV/O3 process, other types
f AOT such as UV/H2O2 have been explored [38,59,109,114].
nce [109] investigated the treatment of leachate from the
tuttgart landfill (Germany) using the UV/H2O2 process. The
esearcher found that with an initial COD concentration of
280 mg/L, 59% of COD removal was achieved. The result
as lower than that of Steensen [59], who employed the same
rocess of leachate treatment in the Braunschweig landfill (Ger-
any). With an initial COD concentration of 1200 mg/L, 90%

f COD removal was attained. These differences might be due
o the fact that Steensen employed more UV lamps to activate
rganic molecules, thus enabling them to be more prone to the

xidation process. Steensen [59] also consumed a higher energy
f 2 × 105 kW/m3, compared to Ince [109], who applied only
75 kW/m3. The significantly higher amount of energy con-
umption for UV irradiation has improved the degradation of
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he recalcitrant compounds from the leachate, as indicated by
he higher COD removal (90%).

It is important to note that the oxidation process in the
V/H2O2 systems is dependent on some reaction conditions

hat can affect its treatment performance for COD removal. The
ariables include the type and the concentration of organic con-
aminants, the total organic substances present in the leachate,
he light transmittance in the solution (as indicated by turbid-
ty or color), the type and concentration of dissolved inorganic
ubstances (such as carbonates and iron), the H2O2 dose and pH
115]. For COD removal, pH ranging from 3 to 4 has been found
o be ideal for the UV/H2O2 process.

As a whole, the performance of the UV/H2O2 process for
OD removal is higher than that of UV/O3. With COD concen-

rations ranging from 1200 to 1280 mg/L, 90% of COD removal
ould be achieved by the UV/H2O2 systems at a pH ranging
rom 3 to 4, while at the same COD concentration range and
t pH 2.0, less than 55% of COD removal was attained by the
V/O3 systems (Table 6). Since H2O2 easily splits into two •OH

adicals through UV irradiation, the ability to degrade organic
ontaminants or to transform them into innocuous constituents is
nother major advantage of UV/H2O2 over other AOT processes
uch as ozonation [109].

In spite of its advantages, UV/H2O2 has some limita-
ions. Due to the small molar UV absorption of H2O2 within
00–300 nm, a high dose of H2O2 and a longer UV exposure
ime with a strong output with a wide range of wavelengths
re required, thus requiring more energy consumption than the
V/O3 process [116]. In addition, the UV/H2O2 process is sensi-

ive to the scavenging effects of carbonate in the basic conditions
pH 8–9). A high concentration of H2O2 acts as radical scav-
ngers that slow down the kinetic rate of the oxidation process
116], while a low concentration of H2O2 generates insufficient
OH in the leachate, which leads to a slower rate of oxidation
115].

.3.3. O3/H2O2/UV
Theoretically, as a strong oxidizing agent, O3 can oxidize

rganic compounds to their highest stable oxidation states. How-
ver, ozonation alone is not enough to degrade the recalcitrant
ompounds in the leachate [117]. In combination with UV irradi-
tion and H2O2, ozone can oxidize more refractory compounds
resent in the leachate. The addition of H2O2 in the UV/O3
ystem can accelerate the ozone decomposition process, which
ubsequently increases the rate of •OH generation, as shown in
he following reactions [118]:

3 + H2O + hν → H2O2 + O2 (50)

2O2 + hν → 2•OH (51)

In their study of leachate treatment in the Stuttgart landfill
Germany), Ince [109] reported that the O3/H2O2/UV process
as better than either UV/O3 or UV/H2O2, as indicated by its
emoval performance for COD (Table 6). At the same COD
oncentration of 1280 mg/L, the O3/H2O2/UV systems could
chieve 89% of COD removal compared to the UV/O3 (54%)
nd/or the UV/H2O2 (59%). This might be due to the synergistic

T
i
(
r
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ffects of H2O2 and ozone to form •OH radical to degrade the
ecalcitrant compounds in the leachate. They also found that the
OD in the treated effluent was less than 140 mg/L, the effluent

imit for local COD discharge standard. In terms of energy con-
umption, the O3/H2O2/UV system is an attractive alternative,
rovided that the cost of ozone generation is low [105].

Overall, the optimum operating pH for the process with
2O2 is recommended to be 2–3 and 8–9 for the process

nvolving ozone [82,87]. The major advantage of employing
he O3/H2O2/UV system is that no pollution from the photo-
eactor takes place. Therefore, there is no interruption during
he oxidation process [119].

.3.4. H2O2/Fe2+/UV (photo-Fenton oxidation)
The Fenton process has attracted great interest in recent years

ue to its effectiveness to generate •OH radicals through H2O2
ecomposition by Fe(II) in acidic conditions. However, the intro-
uction of UV irradiation into the Fenton process (Reactions
52) and (53)) may be able to improve the COD removal.

2O2 + Fe2+ + hν → Fe3+ + OH− + •OH (52)

e3+ + H2O + hν → Fe2+ + •OH + H+ (53)

To enhance the oxidation power of the Fenton process, the
hotolysis of Fe(III) oxalate complexes takes place under UV
rradiation, thus generating Fe(II), as indicated by the following
eactions:

e(C2O4)3
3− + hν → Fe2+ + 2C2O4

2− + •C2O4
− (54)

C2O4
− + Fe(C2O4)3

3− → Fe2+ + 3C2O4
2− + 2CO2 (55)

C2O4
− + O2 → •O2

− + 2CO2 (56)

The Fe(II) ions formed by the photo-reduction of Fe(III)
omplexes (Reaction (54)) carry out further the Fenton pro-
ess. In addition to the reaction of intermediate oxalate radicals
ith Fe(III) oxalate complex (Reaction (55)), additional Fe(II)

ons are generated from the interaction of UV irradiation and
e(OH)2+ (Reaction (57)). Subsequently, the generated Fe(II)

ons react immediately with H2O2, leading to the formation of
OH radicals (Reactions (58) and (59)) [120].

e(OH)2+ + hν → Fe2+ + •OH (57)

e2+ + H2O2 → Fe3+ + •OH + OH− (58)

e3+ + H2O2 → Fe2+ + HO2
• + H+ (59)

The •OH radicals formed in the photolysis system are highly
eactive and initiate the oxidation of pollutants (RH) in the
eachate, leading to a mineralization of the organic pollutants
Reactions (60) and (61)).

OH + RH → R• + H2O (60)

• + O2 → RO2
• (61)
he organic radical (R•) generated in the Reaction (60) reacts
mmediately with dissolved oxygen to yield peroxyl radicals
RO2

•), which subsequently initiate radical-controlled chain
eactions and lead to another oxidation reaction [120].
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The operating pH is the most crucial factor that affects the
egradation rate of the photo-Fenton oxidation. For the photo-
enton involving H2O2, acidic conditions ranging from pH 2

o 4 have been used in the majority of studies. In addition to
he pH, the radiation intensity and the dose of H2O2 and Fe(II)
lay important roles in the formation of •OH. With an initial
OD concentration ranging from 1150 to 5200 mg/L, 70% of
OD removal was attained (Table 6). This result was slightly
igher than that (59%) of the UV/H2O2 systems at the same
OD concentration range (Table 6). The biodegradability ratio
f the leachate was significantly enhanced [38], indicating that
he photo-Fenton process had broken down the molecular struc-
ures of the organic matter and converted the compounds to a

ore degradable form.
Photo-Fenton offers some advantages in terms of cost-

ffectiveness. To reduce the treatment cost of another subsequent
iological process, it is possible to use sunlight instead of UV
109], thus facilitating the development of a low-cost treatment.
owever, in acidic conditions, the treatment performance of
hoto-Fenton oxidation for COD removal is not as good as that of
V/H2O2 (Table 6). Similar to the Fenton process, sludge result-

ng from iron hydroxide precipitation is also generated from the
hoto-Fenton process, which requires further disposal for the
ludge [102].

Other drawbacks are that soluble oxalates due to the interfer-
nce of carbonate and bicarbonate ions as the radical scavengers
ill form a solid layer on the UV lamps if UV is employed in

he photo-Fenton process. The solids will hinder UV transmit-
ance into the solution, causing its poor transmission into the
eachate [102]. A full-scale application of UV lamps for irra-
iation requires high energy consumption, thus increasing the
perational cost of the photo-Fenton process [59].

.4. Miscellaneous AOTs

Wet air oxidation (WAO), UV/TiO2 (heterogeneous AOT sys-
ems with radiation), UV/TiO2/O3 (heterogeneous AOT systems
ith irradiation) and electro-Fenton (heterogeneous systems
ithout irradiation) are less intensively applied for leachate

reatment in part due to their high operation cost of UV irra-
iation.

.4.1. Wet air oxidation
WAO is an oxidation process of organic matter in the liquid

hase with oxygen (either in pure form or as air) at an elevated
emperature of 100–350 ◦C and at pressure ranging from 5 to
00 bar [121]. The resulting gas phase passes through an air
urifier and is vented to the atmosphere, while the liquid phase
s recycled into the heat exchanger. The capacity of WAO to
ransform recalcitrant compounds in a high strength of contam-
nated wastewater is the major reason for its development.

Typically, WAO process has shown promising results
80–99% of COD removal) for a complete mineralization of

rganic compounds or for their degradation into a less complex
tructure, which is more biodegradable [122]. This process is
ost-effective for leachate treatment with COD concentrations
anging from 10,000 to 100,000 mg/L. If complete COD removal

n
c
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s not required, the operating conditions such as the air flow rate,
emperature and pressure can be lowered to reduce the opera-
ional cost [123]. Although WAO offers some advantages such
s a small plant for operations and its ability to deal with vary-
ng flow rates and composition of the effluent, this process is not
ost-effective for leachate treatment with a COD concentration
f less than 5000 mg/L.

.4.2. UV/TiO2

Due to its stability and a lack of toxicity, TiO2 is the most
idely accepted catalyst for AOT. It is a semiconductor that

bsorbs light at a wavelength of less than 385 nm and requires
W/m2 of light [124]. TiO2 is employed in combination with
V irradiation to initiate the generation of •OH radicals.
The band gap energy of TiO2 is wide enough (E = 3.2 eV)

o promote reduction–oxidation reactions upon the UV irradia-
ion at 400 nm [125]. This excitation leaves a positively charged
acancy called a hole. The hole itself is a powerful oxidizing
gent that can generate •OH radicals [126]. The photocatalysis
ith TiO2 can be explained by the following reactions:

iO2 + hν → TiO2 (e−/h+) (62)

iO2(OH−) + H2O2 + hν → TiO2(OH)adsorbed + OH− + •OH

(63)

o far, this treatment is less intensively investigated for leachate
reatment due to its high operational cost caused by high energy
onsumption.

.4.3. TiO2/O3

In addition to UV, TiO2 can be employed in heteroge-
eous photocatalytic oxidation with the ozone. In photocatalytic
zonation, in the presence of TiO2 and under illumination, the
zone can generate •OH radicals through the formation of an
zonide radical (•O3

−), as shown in the following reactions:

iO2 + hν → e− + h+ (64)

3 + e− → •O3
− (65)

he •O3
− species rapidly reacts with H+ in the solution to give

O3
• and then •OH.

O3
− + H+ → HO3

• (66)

O3
• → O2 + •OH (67)

In the presence of oxygen, the photocatalytic process requires
hree electrons to generate a single •OH species, which is less
avored compared to the requirement of one electron through
he •O3

− pathway. The electron transfer from TiO2 to oxygen
lows down the formation of •OH radical by TiO2/O3 [127].

.5. Combined AOT and other physico-chemical treatment
Although AOT alone can degrade the recalcitrant contami-
ants from landfill leachate, a complete degradation cannot be
arried out if the organic matter in the leachate is refractory to
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he applied oxidants [128]. Therefore, it is necessary to develop
more effective process to maximize the removal performance
f the recalcitrant compounds.

In this case, a combination of two AOTs/AOT and physico-
hemical technique into an integrated treatment may synergize
he advantages of their treatment performance, while overcom-
ng their respective limitations. Generally, the combination of
wo AOTs may enhance the formation of •OH radicals. The
fficacy of the integrated AOT process depends not only on the
nhancement in the number of •OH radicals formed, but also
n the presence of radical scavengers such as carbonate, as well
s on the reactor conditions to maximize contact between •OH
adicals with the target compounds in the solution [129].

Some combinations of AOT and other physico-chemical tech-
iques that have been commonly employed for leachate treat-
ent are presented as follows:

.5.1. Ozone–GAC adsorption
Due to its synergistic effects, some researchers have inte-

rated ozonation and granular activated carbon (GAC) adsorp-
ion as one of the most promising options for leachate treatment
130,131]. Ozone is capable of oxidizing organic substances
o their highest stable oxidation states and subsequently pro-
uces CO2 and H2O, while GAC accelerates the kinetic rate
f the ozone decomposition process through the formation of
OH radicals [61]. Through the •OH radicals, the ozone rapidly
eacts with the target compounds in the leachate for an ultimate
egradation.

To promote the ozone oxidation of organic compounds in
he leachate, the surface of GAC initiates the chain reactions
f ozone decomposition. In this case, the ozone may attack the
yrrolic groups of the graphenic layers in the GAC (basal plane
lectron) that act as Lewis bases to generate N-oxide-type groups
nd hydroperoxide radical (HO2

•) [132]. Since the presence of
yrrol groups on the surface of GAC improves the electronic den-
ity on its basal plane, •O2

− (superoxide radical) concentration
n the system also increases [133]. The electron transfer from
O2

− radicals to O3 results in the formation of •O3
− (ozonide

adical) as an intermediate and then generates •OH radicals
134], which subsequently have a rapid reaction with most of
he target compounds in the leachate (k = 108–1011 M−1 s−1).

There are some steps for the formation of •OH radicals,
esulting from GAC catalytic ozonation. In the solution, the
eduction of ozone on the surface of GAC was reported to gen-
rate OH− ions (Reaction (68)) [133]:

O3 + H2O + 2e− ↔ O2 + 2OH−,

k2 = 1.1 × 10−4 M−1 s−1 (68)

Due to its electrophilic properties, ozone has a higher affinity
owards the Lewis basic group on the surface of GAC, specif-
cally on the aromatic compounds, which is a � electron-rich
egion [133]. For the aromatics substituted with electron donor

roups such as −OH, the initial attack of the ozone occurs at an
rtho- and para-position [135], resulting in the ozone decom-
osition into •OH radicals. The increase in the � electron of the
AC due to the presence of pyrrol groups increases the inter-

t
e
t
q
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ction between the GAC and the water molecules to form OH−
ons, as indicated in the following Reaction (69) [136].

� + 2H2O ↔ C�−H3O+ + OH− (69)

ombination of the two Eqs. (68) and (69) gives the overall
eaction of GAC catalytic ozonation as follows:

3 + C� + 3H2O + 2e− → C�−H3O+ + O2 + 3OH− (70)

The Eq. (70) suggests that the number of OH− ions in the
olution increased for combined ozone–GAC adsorption treat-
ents, compared to that of individual ozonation or GAC treat-
ent alone. As indicated by the stoichiometric ratio of their

eaction coefficients (Reactions (71)–(75)), both the OH− ions
nd •OH radicals have the same corresponding ratio of mole.
herefore, the number of OH− ions produced in the Reaction

70) also represents the amount of •OH radicals that would be
enerated in the Reaction (75). Such a phenomenon indicates the
ynergistic effects between the two physico-chemical treatments
n the formation of •OH radicals. As the solution pH increased
o 9 or the concentration of H+ ions decreased (to 10−9 M), the
eaction equilibrium shifted from left to right, resulting in the
roduction of more OH− ions in the solution, thus leading to the
eneration of more •OH radicals (Eqs. (71)–(75)). In this case,
he OH− ions facilitated the formation of •OH radicals through
ts reaction with ozone as reported elsewhere [64]:

Initial reactions:

O3 + OH− → •O2
− + HO2

•, k2 = 70 M−1 s−1 (71)

O3 + •OH → O2 + HO2
•, k2 = 70 M−1 s−1 (72)

Propagation:

HO2
• → H+ + •O2

−, pKa = 4.8 (73)

•O2
− + O3 → •O3

− + O2, k2 = 1.6 × 109 M−1 s−1 (74)

•O3
− + H+ → •OH + O2, k2 = 5.2 × 1010 M−1 s−1

(75)

Termination:

•OH + P → end products (76)

here P represents the organic compounds in the leachate.
As seen from the above reactions, •OH radicals are the

esponsible species for GAC catalytic ozonation. For this rea-
on, it is suggested that ozone/GAC is also another kind of AOT
ontrolled by a free radical mechanism, in which GAC functions
s the initiator that enhances the transformation of the ozone into
OH radicals [137,138].

In addition to the GAC surface, solution pH also plays a major
ole in the ozone decomposition process. In basic conditions (pH
–9), with the increasing OH− ions that initiate the chain reac-

ions, the kinetic rate of ozone decomposition is significantly
nhanced in the presence of •OH radicals. The ozone attacks
he polar bonds of GAC, causing bond breaking, thus subse-
uently leading to the formation of •OH radicals as an oxidant



ngin

[
c
G
a
t
[

t
t
j
o
T
t
o

b
a
a
t
o
b
c
i
m
a
r
o
o

t
t
a
T
r
t

2

a
m
o
r

p
l
fl
t
l
a
c
[

b
T
o
t
t
[

w
c
V
w
c
t
g
l
C
e
v
t

n
fl
l
c
8
C
o
[
c
l

t
t
r
e
w
p

t
l
W
a
r
r
8

2

a
l
i
o

T.A. Kurniawan et al. / Chemical E

132], which are free to react in the liquid phase. In this pro-
ess, the delocalized � electron systems in the basic group of
AC and the oxygenated basic groups (chromene and pyrone)

cting as Lewis bases play a major role as the catalytic center of
he reaction, reducing the ozone molecules to OH− and H2O2
139].

In basic conditions, OH− ions facilitate the formation of •OH
hrough an indirect route. The OH− ions react with the ozone
o form hydroperoxide ion (HO2

−) (Eq. (77)), which is the con-
ugate base of H2O2 [78]. At a pH lower than 11.6 (the pKa
f H2O2), HO2

− would be converted to H2O2 (Reaction (78)).
herefore, the increasing concentration of OH− also facilitates

he formation of H2O2, which is a source of •OH radicals. The
verall process is presented in Reaction (79):

As a whole, GAC play two important roles both as an adsor-
ent and as a promoter in the overall degradation process. As an
dsorbent, GAC adsorbs the organic matter on its surface, while
s a promoter, GAC promotes ozone transformation through
he formation of •OH radicals. The •OH radicals catalyze the
zone to break down the recalcitrant compounds into oxidation
y-products that have a smaller molecular size than the initial
ompounds. As a result, the by-products become more eas-
ly degradable, enabling GAC to adsorb the remaining organic

aterials unchanged by the ozone oxidation [62]. The other
dvantage of using this process is that the spent GAC could be
estored after becoming saturated through regeneration by using
zone for multiple uses, thus improving the cost-effectiveness
f this combined method.

In general, the combination of ozonation and GAC adsorp-
ion into an integrated process is an attractive option for leachate
reatment. With an initial COD concentration of 8000 mg/L and
t pH 8, this integrated treatment could remove 86% of COD.
his result [131] was higher than that of Rivas et al. [130], who

eported 90% of COD removal with an initial COD concentra-
ion of 4970 mg/L and at the same pH (Table 7).

.5.2. Ozone–coagulation
Due to the complexity of leachate, a high dose of ozonation

lone is not enough for its treatment. In this case, another treat-
ent using coagulation process can be applied as a pre-treatment

r as a polishing step before or after ozonation to improve COD
emoval from leachate.

Principally, the coagulation process destabilizes colloidal
articles by the addition of a coagulant. The process is fol-
owed by the flocculation of the unstable particles into bulky
occules, which can settle more easily. This technique facilitates

he removal of suspended solids and colloidal particles from the

eachate. The general approach for this technique includes a pH
djustment and involves the addition of ferric/alum salts as the
oagulant to overcome the repulsive forces between the particles
140].

b
t
r
l
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As a micro-flocculation aid, ozone is usually added during or
efore a rapid mixing step to improve the particle flocculation.
hrough pH adjustment, ozonation affects the coagulation of the
rganic matter by altering the electrostatic interactions between
he coagulant flocs and the organic molecules rather than altering
he affinity of the organic compounds for the floc surface sites
141].

In recent years, both ozonation and coagulation–flocculation
ere employed as an integrated treatment to transform the recal-

itrant compounds from stabilized leachate. Monje-Ramirez and
elásquez [142] found that at pH 4–5, the combined treatment
ith ozonation gave 78% of COD removal with an initial con-

entration of 5000 mg/L (Table 7). The result was slightly higher
han that of Wu et al. [143], who applied the same type of inte-
rated treatment for stabilized leachate from the Chen Shi Li
andfill (Taiwan). About 72% of COD removal with an initial
OD concentration of 6500 mg/L was achieved at pH 8.6. Wu
t al. [143] found that coagulation–flocculation could remove a
ariety of large organic molecules in raw leachate to complement
he degradation by ozone-based AOT.

In another study conducted by Silva et al. [23], the ammo-
ium stripping treatment was employed after coagulation–
occulation and ozonation for leachate from the Gramacho

andfill (Brazil). They found that the integrated treatment could
ompletely remove NH3-N with an initial concentration of
00 mg/L. When 3 mg/L of ozone alone was applied, 48% of
OD removal was attained with an initial COD concentration
f 3460 mg/L. This result was comparable to that of Bila et al.
68], who achieved 40% of COD removal with an initial COD
oncentration of 3945 mg/L for leachate from the Gramacho
andfill (Brazil).

Other findings were also reported for the leachate treatment in
he Thessaloniki landfill (Greece) [141]. The researchers found
hat coagulation–flocculation followed by ozonation could not
educe the COD of the treated leachate to less than 200 mg/L, the
ffluent limit of COD in Greece. About 78% of COD removal
ith an initial COD concentration of 1010 mg/L was attained at
H 4.5.

In general, the combined coagulation–flocculation is one of
he most frequently studied and widely employed methods for
eachate treatment, in addition to the integrated ozone–GAC.

ith COD concentration ranging from 3945 to 6500 mg/L,
bout 85% of COD removal could be attained at pH 8–9. This
esult is lower than that of ozone–GAC adsorption, which could
emove 90% of COD with an initial COD concentration of
000 mg/L at the same pH range [131].

.5.3. Fenton oxidation–coagulation
In general, the Fenton oxidation consists of four stages: pH

djustment, oxidation reaction, neutralization as well as coagu-
ation and precipitation. Because iron salt cannot be retained dur-
ng the degradation, the Fenton process produces large amounts
f small flocs that contain iron hydroxide as a precipitated

y-product, which has to be discarded [144]. The coagulation
reatment can be employed to complete the removal process. Two
emoval mechanisms using coagulation–flocculation are postu-
ated for organic compounds that mostly constitute of humic
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Table 7
Combined AOT and physico-chemical technique for leachate treatment

Location of landfill Type of combined treatment Coagulant/
oxidant

Dose
(g/L)

Ozone consumption
(mg O3/COD)

Initial concentration in
leachate (mg/L)

BOD/
COD

pH Removal
efficiency (%)

References

COD NH3-N COD NH3-N

Lubna (Poland) Coagulation + FeCl3 2.52 – 3960 1360 0.60 8.0 89 NA [146]
ozonation + O3 0.29
hydrogen peroxide H2O2 0.15

Bordo Poniente (Mexico) Coagulation + Fe(II)SO4 2.4 1.7 5000 NA 0.02 4–5 78 NA [142]
ozonation O3 1.7 × 10−3

Gramacho (Brazil) Coagulation–flocculation + Al2(SO4)3 0.7 NA 3460 800 0.04 8.5 48 100 [23]
ozonation + O3 3.0
ammonia Stripping

Gramacho (Brazil) Coagulation–flocculation + Al2(SO4)3 0.7 NA 3945 800 0.3 4.5 40 NA [68]
ozonation O3 3.0

Thessaloniki (Greece) Coagulation–flocculation + FeCl3 0.78 NA 1010 NA 0.17 4.5 78 NA [141]
ozonation O3

Chen Shi Li (Taiwan) Coagulation + FeCl3 0.9 NA 6500 5500 0.5 8.6 72 NA
ozonation O3 1.2

Chen Shi Li (Taiwan) Coagulation + FeCl3 0.9 NA 6500 5500 0.5 8.6 85 NA [143]
ozonation + O3 1.2
UV irradiation UV

Chonju (Korea) Coagulation + FeCl3 1.5 NA 1900 NA 0.45 3 69 NA [86]
Fenton oxidation Fe(II)SO4 + 0.6

H2O2 0.5

Metropolitan (Korea) Coagulation + FeCl3 0.8–1.0 NA 417 NA NA 5 89 NA [91]
Fenton oxidation Fe(II)SO4 +

H2O2 1.0

Badajoz (Spain) Coagulation–flocculation + FeCl3 0.8 NA 7400 NA 0.06 8.5 90 NA [145]
Fenton oxidation Fe(II)SO4 + 0.28

H2O2

Wuhan (China) Coagulation + FeCl3 0.5 – 5800 NA 0.07 7.6 64 NA [119]
photooxidation UV-VIS

Badajoz (Spain) Ozonation + O3 1.5 × 10−3 1.5 4970 700 0.17 8–9 90 NA [130]
adsorption GAC 5

NENT (Hong Kong) Ozonation + O3 3 × 10−3 1.8 8000 2620 0.09 8 86 92 [131]
adsorption GAC

Futekeng (Taiwan) Fenton oxidation + Fe(II)SO4 0.8 2020 3400 0.13 4.0 92 NA [150]
H2O2 0.5 NA

adsorption PAC 0.5

NA: unavailable.
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cid: (1) the binding of cationic metal species to anionic sites,
esulting in the neutralization of humic substances and the reduc-
ion of their solubility; (2) the adsorption of humic substances
nto the produced amorphous metal hydroxide precipitates
144]. This suggests that the combination of Fenton oxidation
nd coagulation–flocculation may synergize the advantages of
heir treatment performance, while overcoming their respective
imitations.

The technical applicability of the combined Fenton oxidation
nd coagulation was investigated to see if colloidal particles
resent in the leachate could be removed. Rivas et al. [145]
ound that 90% of COD removal with an initial concentration
f 7400 mg/L was attained at pH 8.5. The result was higher
han that of a previous study carried out by Kim et al. [86] for
eachate treatment in the Chonju landfill (Korea). They reported
hat 69% of COD removal with an initial COD concentration of
900 mg/L was achieved at pH 3. This result was more effective
han those of coagulation alone (41%) and/or Fenton oxidation
lone (52%) at the same concentration, suggesting that the syn-
rgistic effects of Fenton oxidation–coagulation have improved
ts removal for organic compounds.

Such a phenomenon is also in agreement with Yoon et al. [91],
ho studied the characteristics of coagulation–Fenton oxidation

or leachate treatment in the Metropolitan landfill (South Korea).
ith an initial COD concentration of 417 mg/L, they reported

hat the removal of organic compounds (with molecular weights
f higher than 500 Da) improved from 48% (by using coagula-
ion alone) to 89% (after combined treatments at pH 5.0).

Other important findings of the effect of the combined Fenton
xidation and coagulation treatments on the toxicity reduction
n the treated leachate were reported [146]. Although 89% of
OD removal with an initial concentration of 3960 mg/L could
e attained, the researchers found that this integrated treatment
id not bring a significant reduction in the toxicity level in the
reated leachate. This phenomenon suggests that the combined
reatment did not improve the quality of the treated effluent.

In general, the performance of the combined Fenton
xidation–coagulation treatment for COD removal is satisfac-
ory (about 69–90% of COD removal with an initial COD
oncentration ranging from 417 to 7400 mg/L). This result is
omparable to that of either the integrated ozone–GAC adsorp-
ion or combined ozone–coagulation (Table 7).

One benefit of using AOT over conventional coagulation is
hat it produces less residue than the coagulation process, thus
educing the operational cost for its disposal. However, the pres-
nce of radical scavengers in the leachate during AOT treatment
an reduce COD removal, as their presence interrupts the chain
eactions in the liquid phase [101]. Another limitation of this
ombined treatment is that AOT prefers an acidic environment
or organic degradation, while the coagulation process using
eCl3 as the coagulant works better at pH 4–6.

.5.4. Fenton oxidation–GAC adsorption

In addition to coagulation, GAC adsorption is also employed

s another subsequent treatment after Fenton oxidation. Basi-
ally, adsorption is a process by which a substance is transferred
rom the liquid phase to the surface of a solid, and becomes

a
N
b
t
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ound by physical and chemical interactions [147]. Due to its
hysical properties and a large surface area, GAC has received
onsiderable attention for the removal of organic pollutants from
ontaminated wastewater [148].

Some interesting results were reported by Zamora et al. [149],
ho compared the treatment performance of Fenton oxidation

lone to coagulation–flocculation in combination with GAC for
eachate in a local landfill (Mexico). The Fenton pre-treatment
as found to significantly improve the adsorption capacity of
AC for COD (443 mg COD/g GAC) at pH 4.0, compared to

oagulation–flocculation (193 mg of COD/g GAC) at pH 5.7.
his might be due to the different pH levels applied. At acidic
Hs ranging 3–4, Fenton could effectively transform organic
ompounds into oxidation by-products that had a smaller molec-
lar size than the initial compounds. After Fenton oxidation,
AC adsorbed the remaining by-products on its surface.
Other significant findings were obtained by Gau and Chang

150], who employed the same combined treatments for leachate
n the Futekeng landfill (Taiwan). They reported that the addi-
ion of activated carbon reduced COD in the treated effluent to
70 mg/L, thus improving COD removal from 60 to 92% with
n initial COD concentration of 2020 mg/L. This result suggests
hat the treated effluent could comply with the COD effluent limit
f less than 200 mg/L. This combined treatment cost about US$
.5 per m3 of the treated effluent, excluding the cost of sludge
anagement and other costs for transportation and maintenance.

.6. Combined AOT and biological process

Since AOT alone is not enough, biological treatment can also
e employed to complement the degradation of organic com-
ounds in the leachate through a microbial process [122]. If
he presence of recalcitrant compounds does not trigger toxic
ffects on the microbes during the treatment, a combination of
OT as a pre-treatment followed by a biological process may
e an attractive option from an economic point of view.

Among biological processes, activated sludge (AS) is the
ost frequently studied method to complement the degradation

f leachate after AOT [151,152] (Table 8). Encouraging findings
ere reported for leachate treatment in a local landfill (in Fin-

and) using combined ozonation and AS [100]. About 95% of
OD removal with an initial COD concentration of 560 mg/L at
H 9.5 could be achieved with the overall treatment cost of US$
.41/kg of COD removed. This cost was lower than that (US$
.61/kg of COD removed) reported by Geenens et al. [153]. This
ight be due to the difference in the strength and the quantity of

he leachate, the conditions of the landfill site, the amount and
he composition of the impurities and the extent of purification.

AS was also employed after other AOTs such as Fenton oxi-
ation, UV/H2O2 and wet air oxidation. Some promising results
f the combined Fenton oxidation and AS were reported for
eachate treatment in the Kimpo landfill (Korea) [154]. They
ound that with initial COD and NH3-N concentrations of 7000

nd 1800 mg/L, respectively, about 98% COD removal and 89%
H3-N removal could be attained. These results are compara-
le to those achieved by integrated WAO and AS for leachate
reatment in the Fossalta landfill (Italy). They found that the
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Table 8
Combined AOT and biological process for biodegradation of leachate

Location of landfill Type of combined
treatment

Coagulant/Precipitant
Adsorbent/Oxidant

Dose
(g/L)

Ozone consumption
(mg O3/mg COD)

Initial concentration
in leachate (mg/L)

BOD/
COD

pH Removal
efficiency (%)

References

COD NH3-N COD NH3-N

Taiwan Coagulation + – 1941 151 0.3 4 95 81 [157]
electro-Fenton + Fe(II)SO4/

H2O2 0.75
SBR

Kimpo (Korea) Fenton oxidation + Fe(II)SO4/ 0.9 NA 7000 1800 0.15 3.5 98 89 [154]
H2O2 0.9

activated sludge

Germany Photochemical + UV/ – 920 NA 0.005 4.0 89 NA [155]
H2O2 1

activated sludge 4

Fossalta (Italy) Wet oxidation + – – – 4140 998 0.46 7.8 98 NA [122]
activated sludge

Flanders (Belgium) Ozone + O3 2.8 3.7 895 626 0.05 8.2 81 NA [153]
activated sludge

– Ozone + O3 0.05 2.0 2800 250 0.54 6 97 NA [73]
activated sludge

Finland Ozone + O3 5.00 0.3 560 NA 0.06 9.5 95 NA [100]
activated sludge

Teuftal (Switzerland) Ozone + O3 0.03 NA 1500 600 0.23 7.0 98 NA [156]
nitrification

Kemerburgaz (Turkey) MAP + MgNH4PO4 NA – 4024 2240 NA 9.2 82 85 [159]
Fenton oxidation + Fe(II)SO4/

H2O2 NA 4.0
UASB

NA: unavailable.
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ombined treatments improved the extent of COD removal from
3% (using WAO alone) to 98% (after integrated treatments) at
he same COD concentration of 4140 mg/L. This result suggests
hat WAO have played a major role in the COD removal.

Other important findings were reported by Koh et al. [155],
ho combined UV/H2O2 and AS for leachate treatment in a

ocal landfill (Germany). They found that the degradability of
he leachate significantly improved from 0.005 to 0.25 after
hoto-chemical reactions that consumed 30 kW/m3 of energy.
ith an initial COD concentration of 920 mg/L, COD removal

mproved from 64% (using UV irradiation alone) to 89% (after
ombined treatments with AS), enabling the treated effluent to
e discharged into the receiving environment.

Other biological treatments such as nitrification, sequencing
atch reactor (SBR) and an upflow anaerobic sludge blanket
UASB) were less intensively employed as a subsequent treat-
ent after AOT. Karrer et al. [156] employed nitrification after

zonation. They found that at pH 7.0, 98% of COD removal with
n initial COD concentration of 1500 mg/L was attained. This
esult was more satisfactory than that of Lin and Chang [157],
ho integrated coagulation, electro-Fenton oxidation, and SBR

or leachate treatment in a local landfill (in Taiwan). With an ini-
ial COD concentration of 1941 mg/L, COD removal improved
rom 67% (using electro-Fenton alone) to over 95% (after a
ubsequent treatment with SBR), thus complying with the local
ischarge standard of less than 100 mg/L.

UASB is another biological process that uses a suspended
rowth type reactor with a high rate of anaerobic process [158].
ltinbaş et al. [159] applied UASB as a subsequent treatment

fter Fenton oxidation and struvite precipitation. The precipi-
ation of struvite forms an insoluble compound, which can be
asily separated from the liquid phase (Reaction (80)):
MgCl2·6H2O + Na2HPO4 + NH4
+

↔ MgNH4PO4·6H2O ↓ + 2NaCl + H+,

pKa = 12.6 (25 ◦C) (80)

i
p

l

able 9
ummary of the highest reported COD removal of some AOTs

ocation of landfill Type of treatment Coagulant/precipitant
adsorbent/oxidant

Dos
(g/L

andtown (USA) Fenton oxidation alone Fe(II)SO4 + 0.0
H2O2 0.1

omurcuoda
(Turkey)

Ozonation alone O3 2.8

raunschweig
(Germany)

Homogenous system with
irradiation

H2O2 + 0.5

UV

adajoz (Spain) Coagulation–flocculation + FeCl3 0.8
Fenton oxidation Fe(II)SO4 + 0.6

H2O2 0.5

impo (Korea) Fenton oxidation + Fe(II)SO4 + 0.9
H2O2 0.9

Activated sludge
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ith a 1:1:1 mole ratio of Mg2+, NH4
+ and PO4

3−, 82% of COD
emoval with an initial COD concentration of 4024 mg/L could
e achieved after its combination with a biological process.

In general, considering the extent of COD removal, a combi-
ation of AOT and biological process is preferred to that of AOT
nd another physico-chemical treatment. In addition to enhanc-
ng the biodegradability of leachate prior to another subsequent
reatment, the biological process can help reduce the COD level
n the treated effluent to comply with the required environmental
egislation [155,157].

.7. Comparison of outstanding performance among AOTs
or COD removal

To evaluate the treatment performance of the AOTs presented
n this article, a comparative study is made in terms of their pH,
he dose of oxidants required (g/L), and the strength of leachate
n terms of COD and NH3-N (mg/L). Although it has a relative

eaning due to different testing conditions (pH, temperature, the
trength of leachate, seasonal climate and hydrology site), this
omparison is still useful to evaluate the overall performance of
ach AOT.

Table 9 presents the outstanding treatment performance of
arious individual and/or combined AOTs for COD and/or NH3-

removal from landfill leachate. Both ozonation and Fenton
xidation alone could achieve 40–89% of COD removal with
OD concentration ranging from 560 to 8894 mg/L. Among the
ombined treatments surveyed, the integrated Fenton oxidation
nd AS gives a higher treatment performance (98% of COD
emoval with COD concentration of 7000 mg/L) than the Fen-
on oxidation combined with the coagulation process (90% of
OD removal with CO concentration of 7400 mg/L). This sug-
ests that the combination of AOT and a biological process has

mproved the leachate degradability than its integration with a
hysico-chemical treatment.

Table 10 summarizes the treatability of various AOTs for
andfill leachate. Most of the AOTs presented in the table have a

e
)

Initial concentration
in leachate (mg/L)

BOD/
COD

pH Removal
efficiency (%)

References

COD NH3-N COD NH3-N

5 8894 NA NA 2.5 89 NA [82]
5

47800 3260 0.6 9 85 NA [87]

1200 5 0.01 3–4 90 NA [59]

7400 NA 0.06 8.5 90 NA [145]

7000 1800 0.15 3.5 98 89 [154]
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Table 10
Summary of the treatability of various AOTs for landfill leachate

Type of AOT Major characteristics Mechanism of the generation of •OH COD removal
(%)

COD concentration
range (mg/L)

References

Ozonation alone 1. Compounds with specific functional groups
are prone to ozone attack, resulting in carbonyl
compounds

O3 + H2O ↔ O2 + 2•OH 25–85 920–5850 [160]

2. An alkaline environment is the key parameter
in AOT-based ozonation

Fe2+/H2O2 (Fenton oxidation) 1. Fenton’s reagent contains Fe2+, which acts as
a catalyst

Fe2+ + H2O2 → Fe3+ + OH− + •OH 52–85 1000–8894 [74]

H2O2/UV/Fe2+ (photo-assisted
Fenton)

1. A combination of H2O2 and UV irradiation
with Fe(II) oxalate

Fe(OH)2+ + hν → Fe2+ + •OH 20–70 895–5200 [104]

2. The oxidation process was enhanced by UV
light

Ozone/H2O2 1. Alkaline conditions alone is able to produce
•OH radicals

2O3 + H2O2 → 2•OH + 3O2 28–50 560–1090 [160]

2. Reaction rate increases in the presence of
H2O2

UV/H2O2 1. Reaction a direct cleavage of central O O
bond

H2O2 + UV → 2•OH 56–90 1280–5200 [113]

2. Alkaline conditions increase •OH formation

UV/ozone/H2O2 1. The photolysis of O3 through a complex chain
of reactions

2O3 + H2O2 → 2•OH + 3O2 72–89 1090–1280 [118]

2. An increase in pH increases •OH formation
3. The process is enhanced by the presence of
H2O2

TiO2/UV photocatalysis 1. Process reaction involves the excitation of
electrons by the absorption of UV light

(1) TiO2 + hν → TiO2(e−/h+) NA NA [55]

2. No chemical added, no residuals, short
reaction times

(2) TiO2(OH−) + H2O2 + hν → TiO2(OH)adsorbed + OH− + •OH

Ozone–GAC adsorption 1. GAC accelerates the kinetic rate of ozone
decomposition through the formation of •OH
radicals in the solution

(1) O3 + H2O + 2 e− ↔ O2 + 2OH− 86–90 4970–8000 [131]

2. GAC plays roles as the adsorbent and as the
promoter in the degradation process

(2) C� + 2H2O ↔ C�−H3O+ + OH−

Ozone–coagulation–
flocculation

1. Coagulation–flocculation is applied as a
pre-treatment or a polishing step before/after
ozonation

O3 + H2O ↔ O2 + 2•OH 72–85 3945–6500 [141]

2. Ozone is added during or before the rapid mix
step to improve particle flocculation
3. Through pH adjustment, ozonation affects the
coagulation of organic matter by altering the
electrostatic interactions between the coagulant
flocs and the organic molecules
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ide range of COD removal with different COD concentration
anges. Such a wide range of COD removal among the AOTs
ay be due to the different dose of oxidants required, the strength

f the leachate, the pH and the concentration of carbonate and
icarbonate as radical scavengers. Although many AOTs can
e employed, the leachate characteristics, the technical appli-
ability and the cost-effectiveness are the key factors that play
mportant roles in the selection of the most suitable AOT for
eachate treatment.

Some studies carried out in Hong Kong [39,131] found that
he characteristics of the leachate in the local landfills were not
ffected by seasonal variations/rainfall. Although the climate in
ong Kong is markedly seasonal with a clearly defined wet

eason, the researchers [39,131] reported that there were no
ignificant seasonal variations in the quality and the quantity
f leachate between the dry and the rainy seasons. This indi-
ates that the chemical compositions in the leachate may not
e affected by rainfall, but by the hydrology site of the landfill
161]. This could explain why the effects of climatic conditions
n the performance of each AOT for leachate treatment are rarely
eported.

In spite of its effectiveness for COD removal, little attention
as been directed toward evaluating the changes of NH3-N con-
entration in the leachate after AOT treatment. It was reported
hat during ozonation the toxic NH3-N was converted to the
elatively harmless nitrate, as shown in the following reaction
71,162]:

H3 + 4O3 → NO3
− + 4O2 + H2O + H+ (81)

Gunten [60] further reported that •OH radical rapidly reacted
ith most leachate constituents (k = 108–1011 M−1 s−1), except
H3-N. This compound is slowly oxidized by the radicals, as

ndicated by the low kinetic rate of the oxidation reaction. Con-
equently, the removal of NH3-N was not effective enough. This
ould explain why the extent of NH3-N removal after AOT treat-
ent is rarely reported.
In general, AOT is a promising means for the treatment of sta-

ilized leachate with a high strength of refractory compounds.
his treatment technique offers some advantages such as the
bsence of secondary waste, the ability to handle varying com-
ositions of leachate and most importantly, no generation of any
armful residuals.

.8. Comparison of cost-effectiveness among various
reatment methods

Basically, the treatment cost of landfill leachate varies
epending on its strength and quantity, the process employed, the
onditions of the landfill site, the amount and the composition of
mpurities, as well as the extent of purification [163]. The overall
reatment cost includes the construction and the operational and

aintenance costs (O&M). The construction costs depend on
he effluent quality required and the capacity of the installation,

hile the O&M costs cover manpower, energy, chemicals and
aintenance.
It is important to note that the operational cost for leachate

reatment varies from time to time, as leachate quality and quan-

t
4

l
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ity would change due to seasonal variations. To cope with the
emporal fluctuation in the strength and the composition of the
eachate, the treatment facilities would need necessary upgrad-
ng, thus resulting in the increasing operational cost for landfill

anagement. The operational cost is significant due to the long-
erm operation of landfills. If regulation requires a high standard
f discharge, a significant increase in taxation related to waste
anagement should be anticipated. Such investments should be

valuated periodically for their long-term operation. For this
eason, information on the treatment cost of landfill leachate is
arely reported.

Nevertheless, some researchers have estimated the overall
reatment cost of leachate using certain treatments. The treat-

ent cost of leachate using combined ozone–GAC adsorption
aries between US$ 2–4 per m3 of the treated effluent [131].
he cost covered the chemicals required and energy consump-

ion, but it did not take into account any costs associated with the
egeneration of the spent GAC. Li et al. [164] reported that the
reatment cost for NH3-N removal using struvite precipitation
as one-fifth more expensive than that of ammonium stripping.
epending on the type of precipitation and chemicals employed,

he treatment cost of struvite precipitation varies (US$ 2–4 per
3 of treated effluent).
Although many techniques can be employed, the most impor-

ant aspect in the selection of AOT for leachate treatment is that
he treated effluent can meet the effluent limit for COD and
H3-N at an economical cost. Moreover, the selected treatment

hould be flexible enough to remain useful with changing tech-
ology, regulation, leachate characteristics and economic factors
165]. All these factors need to be considered when selecting the
ost effective and inexpensive treatment in order to protect the

nvironment.

. Concluding remarks

Over the past three decades, the application of AOTs such
s ozonation, Fenton oxidation, O3/H2O2, UV/O3, UV/H2O2,
V/H2O2/Fe2+ for leachate treatment has been reviewed. It is

vident from the review of 167 papers (1976–2005) that none of
he individual AOT is universally applicable or highly effective
or leachate treatment.

Among the AOTs reviewed, ozonation and Fenton oxida-
ion are the most frequently studied and widely applied meth-
ds for leachate treatment. Both techniques can achieve about
5–89% of COD removal with COD concentration ranging
rom 560 to 8894 mg/L. By integrating the Fenton oxidation
nd coagulation–flocculation process, about 69–90% of COD
emoval with its concentrations ranging from 417 to 7400 mg/L
as achieved. A combination of AOT and biological process for

eachate treatment has been found to be an economical option,
s oxidation by-products resulting from AOT can be removed
y an inexpensive biological process. An almost complete COD
emoval (98%) was attained by combining the AS and the Fen-

on oxidation (COD: 7000 mg/L) and/or AS and WAO (COD:
140 mg/L).

Although many techniques can be employed, in general, the
eachate characteristics such as the nature of the MSW and the
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oncentration of organic pollutants to be removed, the effluent
ischarge alternatives, the treatment efficiency to be achieved,
he technical applicability, and the economic factors (investment
nd operational costs) are the key factors that play important
oles in the selection of the most suitable AOT for leachate treat-
ent [166,167].
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